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Abstract

Land use intensification can greatly reduce species richness and ecosystem functioning.

However, species richness determines ecosystem functioning through the diversity and

values of traits of species present. Here, we analyze changes in species richness and

functional diversity (FD) at varying agricultural land use intensity levels. We test

hypotheses of FD responses to land use intensification in plant, bird, and mammal

communities using trait data compiled for 1600+ species. To isolate changes in FD from

changes in species richness we compare the FD of communities to the null expectations

of FD values. In over one-quarter of the bird and mammal communities impacted by

agriculture, declines in FD were steeper than predicted by species number. In plant

communities, changes in FD were indistinguishable from changes in species richness.

Land use intensification can reduce the functional diversity of animal communities

beyond changes in species richness alone, potentially imperiling provisioning of

ecosystem services.
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I N T R O D U C T I O N

The conversion of land from complex natural systems to

simplified agricultural ecosystems is a major cause of the

current unprecedented rates of global biodiversity loss

(Matson et al. 1997; Tscharntke et al. 2005). Declines in

species diversity due to agricultural intensification have been

documented for birds (Donald et al. 2001), mammals

(Sotherton 1998), insects (Benton et al. 2002), and plants

(Aebischer 1991) at national and landscape scales. Motivated

by such findings, research on how species losses impact

ecosystem functioning has surged. These studies have found

that declines in species richness impair ecosystem functions

such as grassland production (Spehn et al. 2005), forest

carbon storage (Bunker et al. 2005), resistance to plant

invasion (Zavaleta & Hulvey 2004) and freshwater nutrient

cycling (McIntyre et al. 2007). Ultimately, biodiversity losses

may undermine the provisioning of ecosystem services, the

ecosystem processes that support human well-being. To

accurately assess how land use intensification might impinge

on ecosystem services, it is essential to be able to accurately

measure biological diversity relevant for ecosystem func-

tioning.
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Techniques for measuring biological diversity have

developed in step with theoretical advances in linking

species diversity and ecosystem function. Biodiversity-

ecosystem function (BEF) studies clearly indicate that the

traits of species, not just the number of taxonomic units,

ultimately drive BEF relationships (Hooper et al. 2005).

This consensus has resulted in a growing focus on the

diversity and values of functional traits that influence

ecosystem functioning, as a tool for explaining the role of

organisms in ecosystems and the ecological impacts of

their loss (Petchey & Gaston 2006). For example, in

grasslands, functional group richness can be a better

predictor of biomass accumulation (Tilman et al. 1997),

resistance to plant parasites (Joshi et al. 2000) and

decomposition rates (Scherer-Lorenzen 2008) than species

richness. While there is growing evidence of how

functional diversity drives ecosystem processes (but see

Mokany et al. 2008), no clear consensus has emerged

regarding how functional diversity should respond to land

use changes, or indeed how best to measure functional

diversity.

Until recently, functional diversity was only measured by

functional group richness, where functional groups were

created by grouping species according to a priori classifi-

cation schemes, such as photosynthetic pathway (C3, C4

and CAM) and their capacity to fix atmospheric nitrogen

for plants. While these groups can capture biological

variation in ways relevant to BEF relationships (van

Ruijven et al. 2003), a number of issues with functional

group richness have been identified. Most notably,

substantial biological variation exists within these groups,

yet grouping them assumes complete equivalence between

species within groups. In addition, no objective standards

by which to evaluate �correct� groupings exist. Indeed,

when alternative groupings were considered for several

major BEF experiments, a priori groups were not distin-

guishable from randomly constructed groups in terms of

ability to predict ecosystem functioning (Wright et al.

2006), and alternative groupings provide even greater

explanatory power (Petchey et al. 2004). This has lead to

an increased interest in using continuous metrics of

functional diversity that summarize the variation of traits

in organisms. In this study, we use a dendrogram-based

measure of functional diversity (FD, Petchey & Gaston

2002), which can accommodate a wide range of trait data,

has desirable statistical properties, and is suitable for

presence–absence community composition data. When

traits are selected appropriately, this measure is a

substantial improvement over simply using functional

groupings to describe the functional diversity of a

community, in that the assumptions of which traits are

important are explicit and all the relevant information

about interspecific differences is used.

A strong advantage of trait-based measures of func-

tional diversity is the ability to examine the relationship

between the number of species present and the functional

diversity of a community. As functional diversity consists

of the range and values of key morphological and

physiological traits, communities with high numbers of

species but low functional diversity can be said to have

high �functional redundancy� (Petchey et al. 2007). This is

because high functional redundancy occurs when species

overlap in their traits, which may reflect niche overlap if

traits are defined in a biologically appropriate way (Dı́az

& Cabido 2001). Conversely, when each species present

in a community represents a unique combination of traits,

there is low functional redundancy. The most critical

assumption in this formulation of functional redundancy

is that the traits under consideration are those determin-

ing ecosystem functioning (Walker et al. 1999). High

functional redundancy may result in limited loss of

ecosystem functioning with species loss, while in com-

munities with low functional redundancy, the loss of even

a few species could have dramatic consequences for

ecosystem functioning. It is also important to note that

the processes which determine the trait similarity between

organisms, including phylogenetic inertia and convergent

evolution, are important for interpreting the meaning of

functional redundancy, but these are not the focus of the

present paper.

We hypothesize that the degree of functional redundancy

can lead to four possible relationships between FD and

species richness (S) as S changes with land use intensifica-

tion (Fig. 1A–D). These hypotheses concern both the

relationship between FD and S as a result of functional

redundancy and the resulting pattern of FD as S changes

with land use intensification:

Possible relationships
between FD and S (depending

on functional redundancy)
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Figure 1 Hypothetical relationships between functional diversity

(FD) and species richness (S; left): (a): low functional redundancy;

(b): high functional redundancy; (c): functionally redundant species

lost first and (d): functionally unique species lost first. Resulting

relationships between FD and land use intensification (right) are

mediated through the response of S to land use intensification

(centre).
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A. Low functional redundancy. S and FD will decline at the

same rate; FD declines with land use intensification, but

only as a result of decline in S. Species loss is random

with respect to functional traits.

B. High functional redundancy. FD will remain constant as S

declines; FD will therefore be insensitive to land use

intensification, and ecosystem services may still be

provided at a high level. Species loss is random with

respect to functional traits.

C. Functionally redundant species lost first. FD declines with S,

but at a much slower rate. Here, a community with high

S and high redundancy in trait diversity is replaced by a

community with low S but where each species is

unique. Species loss is nonrandom.

D. Functionally unique species lost first. FD declines even more

rapidly than S, possibly due to habitat filtering where

species with only a specific set of traits can persist

under land use intensification. Here, intensification

greatly affects functional diversity even if only a few

species are lost from the system. Species loss is

nonrandom.

Here, we present a meta-analysis of the functional

diversity along gradients of agricultural intensification in a

range of communities in temperate and tropical environ-

ments in the Americas to test which of these competing

hypotheses best explains patterns observed with species loss

under agricultural intensification. We examine the diversity

of bird, mammal, and plant communities in agricultural

landscapes using both species richness (S) and functional

diversity as measured by Petchey & Gaston�s (2002) FD. To

distinguish the hypothesized patterns (Fig. 1A–D), we use a

null model approach to determine if the observed FD

differs significantly from the expected FD in each commu-

nity. Finally, we identify which traits are most linked with

the change in FD at the different land use intensity levels, to

further examine the potential consequences for provisioning

of ecosystem services in agricultural landscapes.

M E T H O D S

This study involved: (i) identifying appropriate studies of

changes in species composition under differing land use

intensity, (ii) assembling a database of functional traits for all

species in all studies, (iii) calculating FD for all communities

in each study, (iv) assessing the direction and significance of

the FD change, given S and (v) evaluating the major changes

in trait values and combinations following composition

change.

We focused on temperate and tropical New World

studies, ranging from Costa Rica to the northern United

States to assess the broader question of how functional

diversity has changed under land use intensification. We

identified studies appropriate for our analysis by searching

the Web of Science for all available years up to December

2007 based on the key words: �agricultur*�, �intensification�,
�diversity�, �biodiversity�, �bird�, �plant� and �mammal.� We

identified additional studies by searching the bibliographies

of the papers found from this search. We included all

studies that reported species lists for one of the focal

taxonomic groups (birds, plants or mammals) in at least two

land uses under different agricultural land use intensity. In

addition to published works, we sought unpublished data

that met our criteria. Here we refer to a published or an

unpublished work as a �study�, with the different commu-

nities surveyed in a study called a �land use.� Following an

initial review of the 108 studies identified from our search,

we selected 20 studies that met all of our criteria. These

included five bird studies (Best et al. 1995; Estrada et al.

1997; Daily et al. 2001; Estrada & Coates-Estrada 2005;

Jones et al. 2005), with 46 land uses and 348 species; eight

mammal studies (Estrada et al. 1994; Horvath et al. 2001;

Daily et al. 2003; Naughton-Treves et al. 2003; Olson &

Brewer 2003; Hilty & Merenlender 2004; Sullivan & Sullivan

2006; T. P. Husband & D. Abedon, unpublished data), with

39 land uses and 92 species (excluding volant species); and

seven plant studies (Middleton & Merriam 1983; Jobin et al.

1996; Quinn 2004; Sánchez et al. 2005a,b; Mayfield et al.

2006; Smuckler & Jackson, unpublished data), with 38 land

uses and 1,230 species (see Appendix S1).

Trait data

We compiled the species lists from all studies, and filled in a

trait matrix for each taxonomic group (birds, mammals and

plants). We define a �trait� as a measurable aspect of an

organism which impacts its interaction with the environ-

ment, its capacity to find and acquire resources, and which

therefore affects the fitness of a species via its effects on

growth, reproduction and survival. Here we focus on

resource capture and use traits, which are the traits that can

drive biodiversity and ecosystem function relationships

(Spehn et al. 2005). Notably, here we include behavioral

traits such as foraging habit of birds and location of nesting

for mammals, crucial reflections of how organisms acquire

resources from their environment; this definition is more

inclusive than that of other authors (Violle et al. 2007). Our

selection of traits was constrained to those traits that are

commonly measured. For birds and mammals, we empha-

sized traits reflecting the resource use requirements of the

individuals including body size, foraging habit and location,

and food type. For plants, we chose anatomical and

morphological traits that are tied to a species� capacity to

capture resources, including height, leaf size and legume or

not. Trait data were collected from published species
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accounts, particularly in floras and faunas (Table 1, Appen-

dix S2).

We chose traits that allowed an examination of how the

provisioning of critical ecosystem functions might change

with the loss of species with intensification, and whether the

loss of functional diversity differs from expectations based

on changes in species richness. Thus, the main goal was not

to identify traits which determine extinction proneness

under land use intensification. Such a study would require a

focus on traits affecting species� response to habitat or

environmental change, such dispersal, fecundity and stress

tolerance (Larsen et al. 2005).

Land use classifications

We classified land uses from all papers into three categories:

natural, semi-natural and agricultural (Appendix S1). Our

land use intensity categories are defined by the relative

intensity of management for agriculture, which we deter-

mined from the written descriptions or by communication

with the authors. In this categorization, �natural� communi-

ties included reference systems such as prairies, forests and

marshes that were largely unaffected by agricultural activity.

We defined �semi-natural� systems as those that are largely

dominated by natural vegetation, but have been modified

indirectly for agricultural activities or are directly adjacent to

agricultural lands, such as fallows and shelterbelts. Finally,

�agricultural� systems were those directly managed for

agricultural production including row crops, pastures and

shade coffee.

Importantly, for plant studies we defined agricultural

communities as communities directly adjacent to or inside of, and

presumed to be greatly influenced by agricultural land use.

Meaning, we did not include crop species in this study,

but focused instead on species that could be found in any of

the three land use intensity categories. This choice effec-

tively shortens the land use intensification gradient for plant

studies, but avoids comparing naturally assembled plant

communities with crop monocultures with zero diversity.

Due to the high heterogeneity among studies, it was not

possible to arrange land uses along a continuous axis of

intensification.

Functional diversity measurement

We use Petchey & Gaston�s (2006) FD as our index of

functional diversity. This index performs well in predicting

ecosystem functioning when using appropriate trait data, has

logical statistical properties (namely, the addition of a

species can only increase or not change the FD of the

community), and does not require abundance data. This last

point was important for this study, to include the largest

number of studies in our meta-analysis, both those that

reported abundance and those that reported only species

lists. In calculating this index, multivariate distances between

species from each taxonomic group in each study were

calculated using Gower�s distance, a metric that accommo-

dates continuous, nominal, or ordinal data (Podani &

Schmera 2006). We summarized these pair-wise distances

for the total species pool of a particular study in a

dendrogram, using the unweighted pair-group method with

arithmetic mean (UPGMA). UPGMA gave the highest

cophenetic correlation coefficient between the original

distances and the distances estimated from the resulting

dendrogram for all trait data sets (mammals: 0.69, birds 0.77,

plants: 0.74). For each land use in a given study, we summed

the branch lengths of the dendrogram corresponding to

species present to calculate FD. To compare both FD and S

values across studies, diversities of each land use were

z-scored within each study (i.e. subtracting study mean

and dividing by the study standard deviation). Thus,

unstandardized trait data were used to calculate FD, and

Table 1 Trait data used in this meta-analysis

Taxonomic

group Trait Range or categories

Birds Mass (ln, g) 0.96–8.80

Feeding guild Carnivore, herbivore,

insectivore, omnivore

Food type Invertebrates, small fruit,

seeds, nectar, fish, generalist

Foraging

location

Ground, upper canopy, shrub

layer, mid-canopy, forage

throughout, aquatic

Foraging habit Ground, leaves,

perch-and-attack, stems,

aerial, water, hover,

soar-and-attack, other

Mammals Mass (ln, g) 1.72–11.23

Feeding guild Carnivore, herbivore,

insectivore, omnivore

Food type Invertebrates, fruit, seeds,

vertebrates, vegetation

Activity Diurnal, nocturnal, either

Nesting Aquatic, arboreal, burrows,

multiple, terrestrial

Litter size 1–26

Plants Leaf area (cm2) 0.045–143

Height (m) 0.11–79

Fruit type Fleshy, not fleshy

Fruit length (cm) 0.015–155

Foliage Deciduous, evergreen

Growth form Tree, shrub, tall herb,

low herb, grass

Leguminous Legume, not legume

See Appendix S2 for sources.
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then FD values were standardized within a study, focusing

on the magnitude of change in FD across the land use

intensification gradient.

To evaluate differences among studies in terms of S and

FD, we binned diversity index results by land use category,

and then analyzed the differences within each taxon using

Kruskal–Wallis nonparametric analyses of variance (using a

nonparametric test because of small sample sizes for some

taxon x land use categories). As the original studies were not

necessarily designed to test the effect of land use intensi-

fication on measures of diversity, it was not possible to

employ meta-analysis by pooling effect strengths across

studies.

Null model methods

To distinguish whether an observed change in FD was

simply a product of changing S, we used a simulation

approach to create a null distribution of FD values for the

observed number of species. Holding species richness

constant for each community in each study, we randomly

selected species from the species pool (the total number of

species in the study) to calculate a null FD for each

community. We repeated this 1000 times to produce a

distribution of null values and tested whether the actual FD

for each community was significantly higher or lower than

the null FD distribution, at a = 0.05. This approach

permitted us to determine if changes in FD simply reflected

species richness, or if species composition and trait diversity

varied in important ways along the land use intensification

gradient.

Two studies required modifications of this method. In

one case (Hilty & Merenlender 2004), the natural land use

was excluded from the null model because all species in the

local community were found in this land use, so it was not

possible to create a randomized null FD. The data from

one study (Best et al. 1995) were a compilation of several

studies. Therefore, it would not have been appropriate to

use all the species (144 birds) in the meta-analysis as the

species pool for constructing the null communities. In this

case, we ran separate null model comparisons for all 20

communities, using each of the seven communities we had

classified as �natural� as the species pool. We then used the

most conservative comparison of each community�s
observed FD with the resulting null distributions. For all

other studies, the species pool was the total of all species in

that study.

Identifying changes in individual traits

Identifying which traits in each taxon remained or were lost

with land use intensification gradient is not possible using

the summary diversity metric FD or the null model

approach. We used a classification and regression tree

approach to accomplish this. For a given study, we

identified species present in at least one natural land use

but absent from all agricultural land uses. We then applied

regression trees, which recursively partition the predictor

variables (traits) to explain the variation in the response

variable, which was whether each species was present in at

least one of the natural land uses, but none of the

agricultural land uses. We combined data across studies,

conducting a single analysis for each taxonomic group. We

used the sum of squares around group means to establish

splitting criteria, selected optimal tree size by K-fold cross-

validation, and evaluated model fit with Pearson correlation

of predicted to observed disappearance (De�ath & Fabricius

2000). All calculations and analyses were performed in the

statistical programming environment R 2.6 (R Development

Core Team 2008).

R E S U L T S

Functional diversity changes with agricultural
intensification

For birds and mammals, both species richness and

functional diversity declined significantly with land use

intensification, while for plants no clear pattern of diversity

change across the intensification gradient was observed

(Fig. 2). In particular, FD values fell sharply in mammal and

bird studies, but remained flat for plant studies (P = 0.008,

0.003 and 0.887, respectively). When plant studies were split

between tree and herbaceous or understory communities,

the results remained similar, with the only difference being

that species richness increased significantly with increasing

land use intensity for herbaceous ⁄ understory plant commu-

nities (P = 0.029). Thus, for birds and mammals, both the

number of species in a community and trait diversity of

those communities fell dramatically as land use intensifica-

tion increased.

Declines in FD can be greater than expected under
agricultural land use

The null model tested whether the FD in natural, semi-

natural, and agricultural communities was significantly

higher or lower than would be expected from a random

assemblage of species from the local species pool. For bird

and mammal communities, agricultural and semi-natural

landscapes were more than twice as likely than natural

landscapes to have a significantly lower than expected FD

(30.8% vs. 13.6%). Over all studies, natural landscapes were

more likely to have a significantly higher than expected FD;

10% of natural land uses had a significantly higher than

random FD, while only 1% of semi-natural or agricultural
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land uses tested had a significantly higher than random FD

(Table 2, Fig. 3). Patterns varied by taxonomic group, with

birds and mammals showing the strongest patterns of lower-

than-expected FD in agricultural settings, consistent with

Hypothesis D (Fig. 1). Null model results for plants did not

show a strong trend, with natural land uses having more

communities with both higher than expected and lower than

expected FD, largely consistent with Hypothesis A.

Patterns of trait diversity loss

Regression trees revealed distinct patterns of traits lost

across our intensification gradient. For birds, species present

in natural but absent from agricultural communities were

linked primarily by body size, and secondarily by food type

and foraging habit (R = 0.36, P < 0.001; Fig. 4). Large

birds (> 163 g) that were not ground or stem foragers were

most likely to be absent from agricultural communities:

these 50 species were primarily waterfowl and raptors

(Fig. 4). For mammals, agricultural communities lacked

species typified by small litter sizes (< 2.25) and specializa-

tion on fish, fruit, seeds or nuts (R = 0.48, P < 0.001). For

plants, height was the most important trait, with large-

statured plants (> 1.5 m) more likely to be absent from

agricultural communities (R = 0.50, P < 0.001, Fig. 4).

D I S C U S S I O N

Land use intensification caused striking declines in func-

tional diversity across a broad taxonomic and geographic

range for birds and mammals. This analysis shows that the

use of functional diversity to assess the consequences of

land use change reveals that trait diversity changes largely in

concert with taxonomic diversity, but that the deviations

from the S – FD relationship have potentially large

consequences for ecosystem functioning. The FD change

could be distinguished from the change in species richness

in only a minority of cases, but in those cases the observed

FD was often significantly lower than would be expected by

chance in agricultural communities (Hypothesis D, Fig. 1).

Regression tree analysis identified distinctive patterns of

traits shared by species that were present in natural but

absent from agricultural land uses.

Species richness (S) is by far the most common measure

of biodiversity used by scientists, conservationists, and

policy makers, but here we find that the loss of functional
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Figure 2 Petchey and Gaston�s FD (top

row) consistently declines with greater

land use intensity for mammals and

birds, and remains flat for plants. Species

richness (bottom row) demonstrates similar

responses to land use intensification. (*P £
0.05, Kruskal–Wallis test).

Table 2 Percent of communities in each land use category (natural, semi-natural and agricultural) where the species assemblage had a

significantly (P £ 0.05) lower or higher functional diversity than would be expected from a random set of species from that study

Taxonomic group FD lower than null expectation, % (n) FD higher than null expectation, % (n)

Land use category Natural Semi-natural Agricultural Natural Semi-natural Agricultural

Mammals 17 (2) 14 (1) 18 (3) 17 (2) 0 6 (1)

Birds 10 (1) 29 (4) 41 (9) 0 0 0

Plants 21 (4) 38 (3) 15 (3) 11 (2) 0 0

Total number of communities in each category: 41 natural, 29 semi-natural, and 59 agricultural.
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diversity (FD) can be more severe than would be predicted

if FD simply reflected S, although for plants it appears to

adequately capture diversity variation with the land use

classification used here. Similarly, other researchers have

found that species richness is an inadequate measure of

biodiversity in general (Wilsey 2005), and recommend using

indices that account for abundance and composition of

organisms. The functional diversity index used here, Petchey

& Gaston�s FD, does not accommodate abundance data,

but was chosen over an abundance-weighted functional

diversity measure like Rao�s Q (Botta-Dukat 2005) in part

because several of the data sources only reported species

presence–absence. The use of an abundance-weighted

functional diversity measure is possibly more important

when linked to a particular ecosystem function, although

FD has been shown to be a better predictor of ecosystem

function than species richness or functional group richness

in several grassland communities (Petchey et al. 2004).

In most studies, functional diversity did not vary

significantly from the null expectation based on randomly

assembled communities. This supports Hypothesis A, where

FD is simply a reflection of S. However, multiple

communities were found to have a significantly lower than

expected FD, especially under the higher land use inten-

sities. This shows that with agricultural intensification,

functional diversity is lost at a higher rate than would be

predicted by chance if species losses were random,

supporting the pattern of functionally distinct species lost

first (Hypothesis D). This may be a result of functionally

distinctive species being lost from agricultural landscapes

more quickly than functionally similar species. This result is

of great conservation concern because it demonstrates that

(i) species loss with agricultural intensification may not be

random; (ii) functionally unique species may be lost

more quickly than functionally redundant species; and

(iii) functional diversity loss does not always parallel species

richness loss, therefore species richness may not be good

proxy for functional diversity.

Plant studies demonstrated no overall change in FD with

land use intensity, and FD values did not differ significantly

from the null expectation based on species richness,

supporting Hypothesis A. However, plant studies were

distinct from mammal and bird studies, which compared

community composition directly within agricultural land

uses (e.g. the bird and mammal communities within a corn

field). The plants species in the �agricultural� category here

represented communities in field margins or otherwise in

close proximity to the agricultural fields, not the crops

within the field. This design was employed because the goal

of this study was to compare the diversity of natural-

assembled communities under increasingly direct influence

from agricultural activities, not to compare communities of

naturally assembled communities and human-constructed

communities. In addition, many of the agricultural land uses

in the studies included here were monocultures, and no FD

can be calculated for a single-species community.

Functional diversity measures the range and variation of

traits present in a community, and therefore measures the

actual features of organisms that control biotic interactions.

The values of FD, as for all functional diversity metrics,

strongly depend on which traits and how many traits are

included. We chose traits based on resource acquisition, a

process central to most biotic interactions and biodiversity-

ecosystem function relationships. Our exploration of all

possible trait combinations for each of the three taxa

showed these results are robust to the choice of traits used

(Appendix S3). Finally, while trait data compiled from the

Figure 3 Summary of null model results. Mean observed FD

values within land use intensity categories (dashed lines) and

number of studies with greater or less FD than expected (open or

filled bars, length proportional to number of studies).
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literature clearly do not completely capture the true variation

in biological communities, this approach allowed us to take

advantage of studies that reported species composition

across gradients of land use intensity. Using these literature-

compiled trait data, we found that several of the traits we

analyzed for birds, mammals, or plants were clearly

associated with those species that were absent from the

agricultural land uses.

Regression trees revealed some strong patterns of trait

combination and trait value change when comparing species

present in at least one natural land use but absent from all

agricultural land uses in a given study (Fig. 4). For birds, 39

small- to mid-sized species, 26 of which feed primarily on

seeds and 11 on nectar, persisted in agricultural areas. This

finding suggests that bird-mediated pollination services may

be maintained in even intensively farmed areas. Bird species

Figure 4 Regression trees identifying the trait values most closely associated with species absent from the agricultural land use category in

each study. Species are sorted by traits into groups at the tips of the regression trees, and the value for each tip signifies the proportion of

species in that group which were present in at least one natural land use but were extinct from agricultural land uses in each study.
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that forage in aquatic environments were disproportionately

absent from agricultural land uses, a finding consistent with

the understanding that wetland loss is a major driver of

species loss in human-dominated landscapes. Insectivorous

birds, with potential capacity to provide pest control

functions, were found in both natural and agricultural sites

(tips B and C in Fig. 4). This finding suggests that any pest

control function provided by bird communities may be

resistant to land use changes associated with agricultural

intensification.

For mammals, many feeding guilds were represented in

the 35 species remaining in agricultural sites (Fig. 4). These

notably included species associated with humans and human

settlements, including domestic dog, skunks and rodents.

Felids were also maintained in agricultural areas, possibly

because many of these large predators are highly mobile and

habitat generalists.

The stature of plants was most closely associated with

persistence in agricultural landscapes, with small plants

(< 1.55 m) persisting in agricultural plots and tall plants

being lost. The removal of trees and other large plants is a

common practice in farm fields and thus this result is not

unexpected. This does suggest that plant communities in

agricultural areas provide less complex habitat, which is a

potentially important factor in the loss of some animal

groups from these landscapes.

Classification and regression trees have been used to

identify traits associated with extinction (Olden et al. 2008),

but here it is important to emphasize that we are not able to

identify traits relating to extinction proneness under land use

intensification, but rather identify the traits that are no

longer present in the agricultural communities, but were

present in the natural communities. This is because the

agricultural communities are not necessarily subsets of the

natural and semi-natural communities, and because the traits

examined here are centred on resource acquisition, not

necessarily on response to land use intensity. We selected

traits based on their presumed influence on the provisioning

of ecosystems function, but the probability of species

persistence in agricultural land uses may be more deter-

mined by traits affecting dispersal, fecundity, colonization,

and stress tolerance. In addition, we expect that greater-

resolution trait data (beyond simply species means) and a

more complete understanding of the traits necessary for

coexistence in each of these studies would enhance our

ability to identify which trait values were most likely to be

lost under land use intensification.

Four additional issues deserve comment regarding the

interpretation of these results: sampling and �sampling

effects,� the influence of phylogenetics, the definition of

land use intensification categories, and the extension of this

work to other taxonomic groups. First, while species

richness can greatly influence ecosystem functioning, the

influence of individual species being present, i.e. the

sampling effect, is an important process (Cardinale et al.

2006), and rare species can contribute substantially to

ecosystem functioning (Lyons et al. 2005). The influence of

species composition, not just diversity, can be viewed

through functional diversity, where the presence of func-

tionally distinct species may substantially increase the

community-wide trait diversity. For example, in one of the

bird studies analyzed here (Jones et al. 2005), we found that

functional diversity was higher in the margins of conven-

tional crop fields than in those of organic crop fields; the

bald eagle is the only species present in conventional field

margins but not in the other communities. This species

contributes a unique combination of traits to this commu-

nity, and thus a single sighting of a conspicuous bird

influenced the FD values for that study. Repeated sampling

is necessary to fully characterize the functional composition

of communities, including rare species.

In addition to these sampling issues, the interpretation of

the term �functional redundancy� must include a consider-

ation of the evolutionary history shared between species.

Here we examine the pattern of functional diversity under

land use intensification, finding that functionally unique

species are often absent from agricultural land uses. The

process underlying the functional similarity between remain-

ing species is also of interest, namely whether the remaining

species more closely related because of phylogenetic

similarity or because of convergent evolution. We found

no evidence for phylogenetically determined composition

change in looking at the numbers of species, genera, and

families across the land use gradient in each study, as well as

the ratios of species per genus and genera per family (not

shown). However, this question deserves further consider-

ation in future studies.

Land use intensification is a complex process, and can

take many possible forms. In this study, we synthesized

results from a wide variety of studies, including �natural�
communities ranging from wet tropical forests to prairies.

While our compilation of studies includes heterogeneous

land use types, the diversity metrics are only compared to

values within a single study, ensuring internally consistent

comparisons. Given the use of only three broad intensifi-

cation categories, the consistent change in FD values for

mammals and birds is remarkable. Splitting the �agricultural�
category into high- and low-intensity agriculture did not

change the results (not shown), and would have involved

further subjective decisions about how to categorize

reported land use types. This result supports previous work

showing that the FD of amphibian communities can decline

substantially in logged forests, even when species richness

changes little (Ernst et al. 2006).

Finally, we initially sought to include two additional

taxonomic groups in this study, arthropods and fungi.
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However, trait data for these organisms are scarce. In

addition, in arthropod studies specimens are often only

identified to the family level masking large species-level

variation. To our knowledge, only one study has assessed

changes in the functional diversity of arthropods with

increasing land use intensification, finding falling functional

group richness, even though species richness remains

constant (Schweiger et al. 2007). In addition, several studies

have documented declines in arthropod diversity under land

use intensification (Kremen 2002; Philpott et al. 2008),

although some arthropod communities may be insensitive to

agricultural intensification (Wardle et al. 1999). In fungi, the

problems of identifying species and assessing species traits

are even more acute, and assessments of functional

diversity are largely limited to categorizations into very

broad functional groups, although studies have identified

important changes in plant diversity and ecosystem func-

tioning when fungal community composition is altered

(Klironomos et al. 2000).

C O N C L U S I O N S

This study shows that functional diversity measurements

can reveal stark declines with land use intensification for

birds and mammals, in many cases following patterns of

species richness change (Hypothesis A). However, in a

substantial number of cases, declines in FD are distinct

from changes in species diversity, declining more than

expected in agricultural settings (Hypothesis D). Plant

studies demonstrated little change in any measure of

diversity across the land use intensity gradient, and FD

values generally matched species richness values (Hypoth-

esis A). Future work should build on direct measurements

of organism traits in communities under different land use

management practices, and tie these traits to specific

ecosystem processes of interest. Assessing how biotic

communities can provide ecosystem services relies on

accurate measurement of the features of those communi-

ties, which directly contribute to ecosystem functioning;

functional diversity measurement should be incorporated in

such assessments.
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